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Abstract 

Acute environmental stressors such as short-term exposure to pollutants can have lasting effects on organisms, potentially impacting 
future generations. Parental exposure to toxicants can result in changes to the epigenome (e.g., DNA methylation) that are passed down 
to subsequent, unexposed generations. However, it is difficult to gauge the cumulative population-scale impacts of epigenetic effects 
from laboratory experiments alone. Here, we developed a size- and age-structured delay-coordinate population model to evaluate the 
long-term consequences of epigenetic modifications on population sustainability. The model emulated changes in growth, mortality, 
and fecundity in the F0, F1, and F2 generations observed in experiments in which larval Menidia beryllina were exposed to environmen-
tally relevant concentrations of bifenthrin (Bif), ethinylestradiol (EE2), levonorgestrel (LV), or trenbolone (TB) in the parent generation 
(F0) and reared in clean water up to the F2 generation. Our analysis suggests potentially dramatic population-level effects of repeated, 
chronic exposures of early-life stage fish that are not captured by models not accounting for those effects. Simulated exposures led to 
substantial declines in population abundance (LV and Bif) or near-extinction (EE2 and TB) with the exact trajectory and timeline of pop-
ulation decline dependent on the combination of F0, F1, and F2 effects produced by each compound. Even acute one-time exposures of 
each compound led to declines and recovery over multiple years due to lagged epigenetic effects. These results demonstrate the poten-
tial for environmentally relevant concentrations of commonly used compounds to impact the population dynamics and sustainability 
of an ecologically relevant species and model organism.
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Introduction
The result of exposure to environmental stress, even if occurring 
only for a brief period of time, is not dissimilar in nature to the 
ripples created by tossing a pebble in a pond. A seemingly small 
disruption to a biological system is rarely limited to one receptor or 
gene. The influence of a single short-term exposure to a pollutant, 
for example, can cause persistent changes that alter the biological 
make-up and function of cells, tissues, organs, and entire organ-
isms (e.g. [1, 2]), sometimes via epigenetic changes, and in many 
cases across generations [4–6]. The epigenome is a suite of chemi-
cal compounds that modulates the conformation of histones and 
chromatin, which in turn dictate the structure and accessibility 
of DNA open reading frames, thus controlling the accessibility of 
genes for transcription and directing gene expression ([5, 7], Fig. 1). 
Ultimately these non-sequence altering modifications are respon-
sible for a multitude of internal and external responses, including 

cellular differentiation and development, life-stage and tissue-
specific gene expression, and response and rapid adaptation to an 
organism’s external environment [8–11].

Epigenetic mechanisms include the addition of functional 
groups to histones, such as acetylation or phosphorylation, DNA 
methylation, and interactions of non-coding RNA during tran-
scription (e.g. silencing), all of which contribute to the patterns 
of gene and eventual protein expression experienced by an indi-
vidual organism [12–14]. These mechanisms are generally con-
served across taxonomic groups, with some differences as to how 
much one particular mechanism is relied upon compared to oth-
ers. In fishes, for example, CpG-site-specific methylation may be 
as much as three times higher than what has been measured 
in the mouse model [10]. There are also indications that the 
amount of within-gene-body methylation may be greater and play 
a larger role in influencing the gene expression in teleosts [7, 15], 
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Figure 1: Conceptual figure illustrating the structure of the population model, both acute (single exposure in parent generation) and chronic (repeated 
exposures in each generation) were simulated using an age-structured delay-coordinate model

in comparison to mammals. As such, it is apparent that DNA 
methylation and its influence on downstream changes in cellu-
lar function and ultimately organism performance and fitness are 
critical to responses to environmental stress in fishes both within 
and across generations [16].

Although a great deal of work on epigenetic mechanisms and 
on their role in responses to environmental perturbations, such 
as pollutants, across generations has been done in commonly 
used fish models such as zebrafish, Danio rerio, and Japanese 
medaka, Oryzias latipes (e.g. [12, 15, 17–19]), the decreased expense 
of sequencing and the need to better understand how multi- 
and transgenerational responses are conserved across teleosts 
has spurred work in species traditionally considered to be non-
model organisms, such as the inland silverside (Menidia beryllina). 
Inland silversides are an annual euryhaline species native to the 
Atlantic and Gulf coasts of North America and introduced to the 
US Pacific coast in the 1960s [20, 21]. They have temperature-
sensitive sex determination, which may make them more sen-
sitive to endocrine disruption exposure and to climate change 
[22, 23]. With a recently sequenced genome, several longer-term 
(2-year) studies encompassing the measurement of epigenetic 
modifications, as well as observations at the organism level, such 
as embryonic development, hatching success, growth, and fecun-
dity, have been completed in the silverside [6, 7, 22, 23]. Notably, 
following the exposure to endocrine disrupting compounds (EDCs) 
with various mechanisms of action, alterations in the methyla-
tion of genes across three generations, including those involved in 
development, endocrine function, and immune response, among 
others, were correlated with abnormal development in early-life 
stages, altered immune response, skewed sex ratio, and reduced 
egg production [6, 7].

Given that disrupted egg production, decreased hatching rates, 
or lowered quality of offspring all directly contribute to population 
fitness [24–26], the observed impact to silverside fecundity and 
thus fitness at environmentally relevant exposure levels (ng/l) in 
the above-described works calls for a better understanding of the 
longer-term implications. Furthermore, as a bioindicator species 
[21, 27], measured impacts to the silverside can be extrapolated 
to fishes with similar life histories, exposure risks, and/or habi-
tat usage. For these reasons, we used data acquired from earlier 
empirical work to parameterize a single-species population model 
to predict the impact of a single exposure to EDC representative of 
those detected in aquatic ecosystems globally, as well as to extrap-
olate to estimate cumulative effects from a more realistic contin-
uous exposure scenario. We used a delay-coordinate population 

modeling approach that tracks age, parental and grandparental 
age, and sex (male/female) to predict population densities for 
each generation and chemical for single (empirically derived) and 
continuous (modeled) exposures. We hypothesized that the per-
turbations to fitness-relevant endpoints that appeared following 
these brief exposures to single chemicals, across generational time 
and not necessarily within the same generation, are additive with 
each subsequent generation and that both single and continu-
ous exposures would lead to gradual population decline, with the 
latter being more detrimental.

Methods
Exposure
In the experiment used to parameterize the model, inland silver-
sides were exposed from 10 to 12 h post fertilization, as embryos, 
singly to four different EDCs: two predicted to be estrogenic—
bifenthrin (Bif) and ethinylestradiol (EE2), and two predicted to be 
androgenic—levonorgestrel (LV) and trenbolone (TB), at 3–9 ng/l 
(measured concentrations). Exposures performed at ambient tem-
peratures (22–23∘C) ended at 21 days post hatch [6]. Fish were 
then reared in clean water to the larval stage of the F2 gener-
ation. This means that parents were directly exposed as larvae, 
F1s were indirectly exposed, and F2s were not exposed to the four 
chemicals. Data from [22] were also included. In this work, silver-
sides were exposed to two estrogenic EDCs—Bif and EE2 (1 ng/l 
for both chemicals), as adults for 14 days prior to spawning, and 
then reared for two subsequent generations, at ambient (22∘C) and 
high temperatures (28∘C). The F1 larvae were exposed until 21 days 
post hatch. Thus, in this experiment, the F0 and F1 generations 
were directly exposed, as adult fish and as larvae, respectively, and 
the F2 generation was only indirectly exposed. Responses to EDCs 
across both publications included changes in larval survival, lar-
val size alteration, altered fecundity, reduced hatching success, 
and altered sex ratio. We also have included a summary of results 
in Table 1. More details on exposure conditions and results can be 
found in these publications. 

Model Description
The premise of the population model is that the demographic 
rates (growth, survival, and reproduction) experienced by a fish 
at time t depend on whether that fish was exposed to toxicants 
earlier in life (direct exposure), whether its parents were exposed 
to toxicants prior to reproducing (when the focal fish would have 
been germinal tissue in the mother; indirect exposure), or whether 



Accounting for transgenerational effects of toxicant exposure  3

Table 1: Parameter values (mean ± standard deviation) used to characterize transgenerational effects of toxicants on demographic rates. 
Literature source is indicated

Chemical

EE2 Bif TB LV

Mortality (proportional change) F0: na F0: 1.50 ± 0.27 [22] F0: na F0: na
F1: 10.00 ± 0.82 [6, 22] F1: 2.00 ± 1.40 [22] F1: 3.00 ± 0.33 [6] F1: na
F2: na F2: na F2: na F2: 2.5 ± 0.29 [6]

Larval survival (proportional change) F0: na F0: 1.15 ± 0.08 [6] F0: na F0: na
F1: na F1: na F1: na F1: na
F2: 0.88 ± 0.20 [6, 22] F2: na F2: na F2: 0.76 ± 0.08 [6]

Larval size (increase, mm) F0: na F0: na F0: na F0: na
F1: 1.0 ± 0.1 [6] F1: na F1: 1.0 ± 0.1 [6] F1: 1.0 ± 0.1 [6]
F2: 0.5 ± 0.1 [6] F2: na F2: na F2: na

Fecundity (proportional change) F0: 0.44 ± 0.22 [6] F0: 0.39 ± 0.64 [6] F0: na F0: na
F1: 0.29 ± 0.83 [6] F1: 0.38 ± 0.63 [6] F1: 0.10 ± 5.00 [6] F1: 0.43 ± 0.56 [6]
F2: na F2: na F2: na F2: na

Hatching success (proportional change) F0: na F0: na F0: 0.85 ± 0.14 [6] F0: na
F1: 2.26 ± 0.09 [6] F1: 2.31 ± 0.06 [6] F1: 2.23 ± 0.13 [6] F1: 2.31 ± 0.14 [6]
F2: na F2: na F2: na F2: na

Sex ratio (% reduction in proportion 
male, or reduction in temperature at 
50:50 sex ratio, ºC)

F0: 17% [6] F0: na F0: na F0: na
F1: 5∘C [22] F1: 2ºC [22] F1: na F1: na
F2: na F2: na F2: na F2: na

its grandparents were exposed to toxicants before they had repro-
duced (epigenetic exposure). We refer to these generations as F2, 
F1, and F0, respectively. We focus our investigation mainly on 
exposures occurring during the embryonic and larval stages. This 
is because environmentally relevant concentrations of toxicants 
generally have their greatest effect on the embryonic stage; due 
to its rapid development [28], the rationale used by the studies 
that generated the experimental data we used to parameterize the 
model [6, 22, 23].

Tal et al. [29] point out that an offspring’s phenotype depends 
on both the transmissibility of epigenetic markers (i.e. the prob-
ability of transmission of an epigenetic tag) and the effect of 
the epigenetic marker (if present) in that organism. Experimen-
tal quantification of epigenetic effects (such as by [6]) necessarily 
includes the net combined effect of both of those processes. Sepa-
rate experiments would be needed to measure covariances in epi-
genetic expression among related individuals in order to explicitly 
estimate the transmissibility alone (as [29] suggests). Therefore, 
the magnitude of our modeled epigenetic effects implicitly com-
bines both the transmissibility and the effect of a given epigenetic
state.

The base model, independent of any transgenerational effects, 
is an integral projection model (IPM [30]). This is a size-structured 
integrodifference model, meaning that the population is rep-
resented as a continuous size distribution, with discrete time 
step. This is appropriate because in fish, many demographic 
rates are size-dependent, including growth, maturity, fecun-
dity, and mortality due to predation. In some cases, demogra-
phy depends on both size and age, so it is necessary to use a 
model that tracks both structuring dimensions [31, 32]. In that 
case, the abundance (or density) of fish of size 𝑥 and age a at 
time t, n(x, a, t) would depend on the density of fish of size 
𝑦 and age a−1 in the prior time step, t−1, and the probability 
density of transitioning from size 𝑦 to size 𝑥 as the fish ages 
from a−1 to a, K(x, y, a−1). For ages a > 2 in our model, this
relationship is

where Ω denotes that the integration is over all possible sizes 𝑥, 
representing the probability of fish of any size at age a−1 being 
size 𝑥 one time step later. K is termed the kernel and can be both 
size- and age-dependent.

There is a separate equation governing the production of new 
age a = 1 individuals that includes density-dependent survival of 
juvenile fish, 𝜙[𝑛(𝑡)]: 

where the kernel Q(x, y, a) describes the size-dependent produc-
tion of new offspring, and the production of each age cohort 
is summed. Density-dependent mortality followed the Beverton–
Holt relationship, 

𝛼2

where 𝛼1is survival at low offspring densities, S is the total abun-
dance of the offspring cohort (the term in brackets in Equation 
(2)), and 𝛼2 is the maximum density of age-1 offspring. The lat-
ter is essentially an arbitrary scaling term for the purposes of our 
analysis. The value of 𝛼1 was based on literature estimates for fish 
similar to silversides (as in [26]).

We expanded this model structure to include several additional 
structuring dimensions and delay coordinates in order to repre-
sent sex-specific transgenerational effects. We describe each in 
turn. All model parameters and literature sources for their values 
are given in Table 1.

Growth and Mortality
We assumed growth was indeterminate and asymptotic and fol-
lows a von Bertalanffy relationship. Accordingly, the mean change 
in growth during one time step, Δ𝑡, for a fish of size 𝑥 is 𝜇𝑥 =
(𝐿∞ − 𝑥)𝑒−𝑘Δ𝑡, with asymptotic maximum size 𝐿∞ and instanta-
neous growth rate k. Variability in growth about that mean follows 
a normal distribution with coefficient of variation CVL. Fish have 
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an instantaneous natural mortality rate M. Both processes can be 
altered by toxicant exposure, as we describe below in Transgener-
ational Effects of Toxicants, but in the base model the growth and 
mortality kernel giving the probability density of transition from 
size 𝑥 to 𝑦 during interval Δ𝑡 have the structure 

where 𝑁(𝑥,𝜇,𝜎) represents the probability density of a normal dis-
tribution with mean 𝜇 and standard deviation 𝜎 evaluated at 𝑥. 
Because inland silversides are short-lived and have within-year 
changes in sex ratio, we used a time step of Δ𝑡 = 2 months.

Reproduction and Sex-specific Dynamics
The model explicitly tracks the abundance of male and female 
fish, adding the indexing dimension s (s = m or f ) to the state 
variable. Including sex is necessary because female reproduc-
tive success depends on the operational sex ratio at the time of 
spawning [26]. Maturity is size dependent, and the probability of 
maturity of a fish of size 𝑥 and sex s, pm(x, s) follows a cumula-
tive normal distribution with a sex-specific mean and standard 
deviation. Egg production by females is related to biomass, which 
we represented as a power function of length, with parameters 𝛾
and 𝛿: 𝛾𝑥𝛿. We modeled the effect of the sex ratio on mating suc-
cess as in [26], where the relationship between sex ratio Xt and 
fertilization success follows a cumulative beta distribution G with 
parameters 𝛽1 and 𝛽2. Finally, the size distribution of offspring 
follows a normal distribution with mean 𝜇𝜌 and standard devi-
ation 𝜎𝜌. Combining these factors we obtain the component of the 
kernel representing the probability density of a female of size 𝑥
producing offspring of size 𝑦: 

Note that evaluating the beta distribution G at 2Xt ensures 
maximum fertilization at a sex ratio of 0.5. Sex ratio was calcu-
lated at each time step as the total number of mature males in 
the population divided by the total number of mature males and 
females.

Sex determination in inland silversides is temperature-
dependent, and this is represented in the model by setting the 
distribution of age-1 male and female individuals at the time of 
reproduction. The proportion of age-1 males follows a cumula-
tive normal distribution on temperature, with mean 𝜇𝑡𝑒𝑚𝑝 (the 
temperature at which the offspring sex ratio is 0.5) and standard 
deviation 𝜎𝑡𝑒𝑚𝑝. We modeled seasonal variation in temperature as 
a sine wave with a period of 1 year and a temperature range of 
8–30∘C, respectively, representing typically annual conditions in a 
temperate estuary.

Age-dependent Dynamics
Demographic rates in inland silversides are primarily size-
dependent, but we also tracked age structure in the model, for two 
reasons. First, it facilitated tracking the seasonal shifts in offspring 
sex ratio described in the previous section. Second, it allowed 
the model to track different age cohorts in the model and assign 
different growth, mortality, and fecundity parameters if a given 
cohort had been exposed to a toxicant as juveniles. We tracked 
age classes up to 24 months, which is beyond the typical age of a 
fish in the wild.

Separately, we tracked the ages of the parents and grandpar-
ents contributing to each age-1 cohort, in order to determine 
whether that cohort should have life history traits reflecting 
transgenerational transmission following early-life exposure of 

either or both of those two ancestral generations. Unfortunately, 
dimensional limitations on computer memory make it impracti-
cal to uniquely track all permutations of paternal, maternal, and 
grandparental ages contributing to a cohort. Therefore, because 
in many fish species the primary transmission of the methy-
lome (and thus epigenetic effects) is via the father [33], we 
focused on tracking paternal transmission, thus expanding the 
state variable (and associated kernel) to be N(x, a, ap, agp, t) 
with ap and agp indexing paternal and paternal grandpaternal age,
respectively.

However, evidence from medaka (O. latipes) suggests that epi-
genetic transmission from both parents could be important [33], 
particularly in atherinid species, which include both medaka and 
silversides. Because we could not separately index parental and 
grandparental ages on the maternal side, we compromised by esti-
mating the age distribution of the mature mothers contributing 
to each age-1 cohort. Specifically, for the age-1 offspring cohort in 
a given time step, we calculated the distribution of both mater-
nal ages present in the population at that time (i.e. the proportion 
of 8-month-old, 10-month-old, etc. mothers). We calculated the 
maternal grandparent age distribution by weighting the distribu-
tion of grandparental ages contributing to each maternal cohort 
by the relative abundance of that maternal cohort. Then, for 
a past exposure 𝜏 years in the past, we calculated the propor-
tion of reproductive mothers that age 𝜏 at time t, and scale the 
effect on the age-1 cohort by that proportion. For example, if 
40% of the possible mothers of a given offspring cohort were 
exposed to a chemical, then the indirect effect of that expo-
sure on the offspring cohort was set to be 40% of the empirically 
measured effect, effectively representing the probability that the 
average member of the cohort would express epigenetic effects 
(note that this works because all of the effects we simulate are 
linear rather than nonlinear dose–responses; the latter would 
require a more sophisticated approach). The effects of maternal 
grandparents were similar, but depended on the age of the grand-
mother generation at the times when they spawned the different 
cohorts in the maternal generation, rather than at time t. Note 
that in this formulation it is possible for one age class to con-
tribute to the age-1 cohort F2 as both parent (F1) and grandparent 
(F0), although this is likely to be rare given the short lifespan of
the fish.

Transgenerational Effects of Toxicants
Transgenerational effects of toxicants were represented as those 
that were detected in [6] and [22]. The four compounds exam-
ined were EE2, TB, Bif, and LV. We organize our explanations of 
these effects by demographic rate below. In each case, changes to 
baseline model parameters are given as proportional increases or 
decreases, based on the observed statistically significant effects 
relative to control treatments in those two studies. For the results 
from [22], we only used values from the “present day” 22∘C 
treatments rather than the warming treatments. The propor-
tions and the uncertainty bounds on them are given in Table 1. 
In all model simulations we assume that exposures are at the 
same ecologically relevant nominal concentrations as those used 
in [6] and [22]: Bif (5 ng/l), EE2 (5 ng/l), TB (10 ng/l), and
LV (10 ng/l).

Survival
The experiments in [6, 22] used sublethal exposure concentra-
tions, so mortality was not a direct endpoint. However, they 
detected increases in the rate of larval deformities (craniofacial, 
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Table 2: Parameter values used in the model

Parameter Description Value Source

𝛼1 Slope of Beverton–Holt relationship 0.31 Mean of values reported by [86] for ecologically similar 
species, as in [26]

𝐿∞ Asymptotic maximum length 13 cm [87], for female Menidia menidia in a Massachusetts estuary
k von Bertalanffy growth rate 1.39 y–1 [87], for female M. menidia in a Massachusetts estuary
M Adult mortality rate 2.10 y–1 [87], for female M. menidia in a Massachusetts estuary
𝛾 Biomass-length coefficient 1 g cm–3 [26]
𝛿 Biomass-length exponent 3.0 [26]
𝜇𝑝 Mean offspring size 9.0 mm S.M. Brander, unpublished data
𝜎𝑝 Std. dev. of offspring size 1.0 mm S.M. Brander, unpublished data
𝛽1 Mating function parameter 1.0 [26] for laboratory-reared M. beryllina
𝛽2 Mating function parameter 1.3 [26] for laboratory-reared M. beryllina
𝜇𝑡𝑒𝑚𝑝 Temperature at 1:1 offspring sex ratio 25∘C [22] for laboratory-reared M. beryllina
𝜎𝑡𝑒𝑚𝑝 Std. dev. of temperature sex determination function 8∘C [22] for laboratory-reared M. beryllina

cardiovascular, and skeletal), which would be expected to result 
in heightened mortality risk in the field because of impaired loco-
motion and thus impaired predator evasion [34, 35]. Therefore, we 
translated the proportional increase in the proportion of deformed 
fish in exposure treatments to a proportional increase in the mor-
tality rate M. Both EE2 and Bif caused increased deformities as a 
direct effect in the F0 generation ([22]; Table 2), EE2 and TB caused 
increased deformities as an indirect effect in the F1 generation, 
and LV produced increased deformities in the F2 generation ([6]; 
Table 1). Additionally, exposure to TB reduced survival of exposed 
larvae in the F0 generation, which we modeled as a proportionate 
reduction in the abundance of exposed cohorts. 

Larval Size
DeCourten et al. [6] detected a positive effect of EE2, TB, and LV 
on larval size in the F0 generation, as well as a positive effect of 
EE2 in the F2 generation. This was represented by adjusting the 
mean size of new offspring entering the population, 𝜇𝜌. Because 
maturity is size-dependent, those fish would mature faster and 
contribute more to reproduction later in life.

Reproduction
Multiple experimental endpoints measured in [6] translate into 
aspects of reproductive success in the model context. In mature 
F0 females, EE2 and Bif increased the incidence of ovarian atre-
sia, which we modeled as a proportional reduction in fecundity 
of those fish by reducing the proportionality constant for fecun-
dity, 𝛾; EE2 also reduced the overall egg production. However, all 
four compounds had a positive effect on the hatching success 
of F0 progeny, which we also modeled as proportional (upward) 
adjustments to 𝛾. Conversely, all four compounds had negative 
effects on egg production in F1 females, modeled as reductions in 
𝛾. Finally, both EE2 and LV had negative effects on larval survival 
of F1 progeny, which we also modeled as a proportional reduction 
in the 𝛾 parameter.

Sex Ratio
We set the parameter 𝜇𝑡𝑒𝑚𝑝, which determines the temperature 
at which sex ratio is 0.5, such that sex ratios at 22∘C and 28∘C 
would match the results observed in control treatments in [22], 
which was 25∘C. We then modeled the reductions in male sex ratio 
they observed by adjusting the 𝜇𝑡𝑒𝑚𝑝 parameter downward to pro-
duce the observed changes in sex ratio with Bif and EE2 exposure. 
These changes were applied to the F1 generation. Separately we 

also modeled the 17% reduction in the probability of being female 
that [6] observed in F0 fish exposed to EE2.

Model Analysis
We quantified the expected population effects of each toxicant by 
simulating the dynamics of inland silverside populations in which 
new offspring experience a pulsed exposure to one of the four 
toxicants in early life, just as in the experiments used to parame-
terize the model (and assuming the same concentrations of each 
[6, 22]). We compared the resulting trajectory of population den-
sity relative to that expected for an unexposed population. We also 
compared the effects of an “acute” exposure of only one genera-
tion of offspring in a single model “summer” (the three 2-month 
time steps corresponding to the warm months in a single year) 
to a “chronic” exposure in which each generation of offspring are 
exposed in every time step. We examined each toxicant’s effects 
separately. For each one we isolated the relative types of direct ver-
sus transgenerational effects by conducting simulations in which 
we “turned off” different combinations of effects. Specifically, we 
simulated (i) direct effects on the exposed F0 generation only;
(ii) effects on F0 and their F1 offspring only; and (iii) effects on 
the F0, F1, and F2 generations.

All simulations were initialized at the stable age distribution 
and at a steady state and then iterated for 72 time steps (12 years) 
to build up a history of parental and grandparental generations 
in the state variable N prior to simulating either acute or chronic 
exposures. We then simulated dynamics for 24 time steps (4 years) 
after the initial exposure, which was sufficient time for transgen-
erational effects to completely propagate through the population 
in the acute exposure scenarios. In order to represent uncer-
tainty in exposure effects, we performed 1000 simulations for each 
scenario, and in each simulation the parameters describing toxi-
cant effects were drawn from the distributions given in Table 1. 
Simulations were performed using Matlab R2020b (9.9.0.1524771, 
Mathworks, Natick, MA).

Results
In all model scenarios, the baseline no-exposure simulations 
exhibited a slight annual oscillation in total population abun-
dance. This was a realistic effect of temperature on the sex 
ratio; the offspring sex ratio becomes female-biased in cold 
temperatures, leading to a female-biased sex ratio and slightly 
higher total population reproductive output when those off-
spring mature ∼6 months later. The oscillation is dampened by 
density-dependent mortality in the no-exposure simulations, but 
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when population densities are reduced by toxicant effects, the 
oscillations become more pronounced. We consider the pre-
dicted population effects of each toxicant in turn; in each case 
we express population abundance relative to the no-exposure
case.

Levonorgestrel
The simulated acute exposure to LV, a synthetic progestin used in 
birth control pills, produced the greatest difference in predictions 
that did and did not include transgenerational effects (Fig. 2a). 
The acute exposure led to a small increase in relative population 
abundance 1 year after the exposure due to the increased hatching 
success of F0 progeny. That bump in population size then dimin-
ished due to natural mortality of the short-lived fish, with the 
F0-only model returning to baseline conditions by the second year. 

Figure 2: Model results showing changes in predicted relative population 
size for inland silversides exposed in the larval stage to 10 ng/l LV in (a) a 
single spawning season, starting at time = 0, or (b) chronically for every 
time step. Population abundance is expressed relative to abundance at 
t = 0. The curve labeled ‘No exposure’ is a deterministic simulation with 
no chemical exposure, as a reference. The other curves are labeled to 
indicate the model structure in each set of simulations: direct effects on 
the exposed F0 generation only, effects on both F0 and F1 generations, 
and full transgenerational effects on F0, F1, and F2 generations. Shading 
around each curve represents the range of model runs that include 
observed variability in exposure effects; the shading contains 95% of 
simulated trajectories

The model that also included F1 effects declined slightly faster 
due to the reduction in F1 egg production and survival of larval 
progeny of the F1 fish, but the difference was very small. However, 
when the transgenerational F2 effects of reduced larval survival 
were included, the simulated population declined to nearly 85% 
of its original size during the second and third years after expo-
sure, as the F2 generation was smaller and then consequently 
spawned fewer total F3 offspring. Only by the fourth year after 
exposure was the population returning toward initial conditions
(Fig. 2a).

Similar trends held in the chronic exposure scenario (Fig. 2b). 
Simulations that only included F0 effects reached new, slightly 
higher steady-state abundances due to the positive effect of 
hatching success of F0 progeny. Including both F0 and F1 effects 
led to steady-state abundances slightly lower than the baseline 
conditions. However, the simulation that also included F2 effects 
experienced the same initial increase but once the first F2 genera-
tion was spawned, the population began to decline to nearly 60% 
of its original abundance due to the ongoing effects of low larval 
survival in F2 cohorts.

Bifenthrin
In all transgenerational scenarios, simulated acute exposure to 
the pesticide Bif produced an immediate decline of relative popu-
lation abundance to ∼80% of the baseline within 1 year of expo-
sure (Fig. 3a). This decline was due to the combined effects of 
reduced larval survival in the exposed F0 larvae and later reduc-
tions in F0 fecundity, but buffered somewhat by a female-biased 
F0 sex ratio and higher hatching success of F0 progeny. The pop-
ulation then began recovery and returned to its pre-exposure 
state within 3 years. The recovery was somewhat slower in the 
simulations that included F1 effects because of reduced hatch-
ing success in F1 progeny. Bif did not induce any additional F2 
effects, so the simulations that included those effects were iden-
tical to the F0 + F1 simulations. Similar trends held in the chronic 
exposure scenario (Fig. 3b). Simulations that included F0 effects 
reached a new steady state ∼20% lower than initial conditions, 
while simulations that also included F1 (or F1 + F2) effects were 
projected to have a new steady state >25% lower than initial
conditions.

Trenbolone
Simulated exposures to TB followed a pattern similar in many 
ways as that for LV. In the acute exposure scenario, all exposed 
simulations had an initial increase in relative population size due 
to the positive effect of TB on hatching success of F0 progeny, 
despite the reduced survival of F0 larvae (Fig. 4a). In the simula-
tions with only F0 effects, the population then returned to baseline 
conditions within 2 years of exposure. Simulations that included 
F1 effects declined sharply after the F0 cohort began reproduc-
ing, due to reduced egg production and larval mortality in the F1 
generation. The population reached a maximum decline of nearly 
15% in the second year before recovering within nearly 4 years of 
exposure. As with Bif, there were no additional F2 effects so the 
F0 + F1 + F2 simulations were identical to F0 + F1. Similar trends 
held in the chronic exposure scenario (Fig. 4b). As with levothy-
roxine, simulations that included only F0 effects reached a new 
steady state essentially identical to initial conditions, while sim-
ulations that also included F1 (or F2) effects declined to a new 
steady state less than half of the initial abundance due to the 
ongoing reductions in egg production.
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Figure 3: Model results showing changes in predicted relative population 
size for inland silversides exposed in the larval stage to 5 ng/l Bif in (a) a 
single spawning season, starting at time = 0, or (b) chronically for every 
time step. Population abundance is expressed relative to abundance at 
t = 0. The black curve labeled ‘No exposure’ is a deterministic simulation 
with no chemical exposure, as a reference. The other curves are labeled 
to indicate the model structure in each set of simulations: direct effects 
on the exposed F0 generation only, effects on both F0 and F1 generations, 
and full transgenerational effects on F0, F1, and F2 generations. Shading 
around each curve represents the range of model runs that include 
observed variability in exposure effects; the shading contains 95% of 
simulated trajectories

Ethinylestradiol
The results of both simulated acute and chronic exposure to EE2 
mirrored those of TB (Fig. 5a and b). This reflects the similar pos-
itive effects on hatch success in F0 progeny (buffered by reduced 
survival of F1 larvae), followed by reduced egg production in F1 
females and higher larval mortality in the F1 generation. EE2 also 
had a small positive effect on larval size in the F2 generation but 
this did not appear to affect population dynamics substantively.

Discussion
EDCs can exert adverse but often subtle or difficult to detect 
effects in fishes that are relevant to the population level at 
extremely low concentrations [3, 6, 36, 37]. They are known to 
occur at sublethally toxic levels in estuaries and are demonstrated 

Figure 4: Model results showing changes in predicted relative population 
size for inland silversides exposed in the larval stage to 10 ng/l TB in (a) a 
single spawning season, starting at time = 0, or (b) chronically for every 
time step. Population abundance is expressed relative to abundance at 
t = 0. The black curve labeled‘No exposure’ is a deterministic simulation 
with no chemical exposure, as a reference. The other curves are labeled 
to indicate the model structure in each set of simulations: direct effects 
on the exposed F0 generation only, effects on both F0 and F1 generations, 
and full transgenerational effects on F0, F1, and F2 generations. Shading 
around each curve represents the range of model runs that include 
observed variability in exposure effects; the shading contains 95% of 
simulated trajectories

to induce alterations in sex ratio, fecundity, and thus popula-
tion size across species [2, 21, 38, 39]. Although EDCs have now 
been studied for decades, the introduction of hundreds of new 
chemicals each year, many of which are understudied but likely 
also interfere with endocrine function, compounds an already 
formidable challenge [40, 41]. This is especially true considering 
that climate change can exacerbate the impacts of EDCs [23]. Here 
we have shown that direct and transgenerational effects of low, 
environmentally relevant exposure to several EDCs could cause 
dramatic reductions in fish population abundance. Additionally, 
failure to account for the transgenerational effect could lead to a 
severe underestimate of those negative consequences.

We chose to focus our study on exposure to single chemi-
cals, modeling each EDC alone rather than considering the com-
plexities of simulating mixture exposures. This is a common 
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Figure 5: Model results showing changes in predicted relative population 
size for inland silversides exposed in the larval stage to 5 ng/l EE2 in (a) a 
single spawning season, starting at time = 0, or (b) chronically for every 
time step. Population abundance is expressed relative to abundance at 
t = 0. The black curve labeled ‘No exposure’ is a deterministic simulation 
with no chemical exposure, as a reference. The other curves are labeled 
to indicate the model structure in each set of simulations: direct effects 
on the exposed F0 generation only, effects on both F0 and F1 generations, 
and full transgenerational effects on F0, F1, and F2 generations. Shading 
around each curve represents the range of model runs that include 
observed variability in exposure effects; the shading contains 95% of 
simulated trajectories

approach when analyzing ecotoxicological population models (e.g. 
[24, 25, 42]), despite mixtures being commonplace in nature, par-
ticularly in estuaries. There are examples of theoretical studies 
that examine mixture exposures, but this requires assumptions 
about the potential for synergistic or antagonistic interactions 
among the compounds in question. For example, Schipper et al. 
[43] modeled the effects of combined DDE and PDBE exposure on 
peregrine falcon (Falco peregrinus) populations and simply assumed 
that the effects of the two compounds were additive based on 
two single-chemical dose–response curves. In their case they were 
able to validate that assumption because they could compare the 
model output to a long-term record of both population abundance 
and approximate exposure. In the case of epigenetic exposures, 
we suspect there is greater potential for nonlinear, nonadditive 

interactions among exposed chemicals because they act via differ-
ent mechanisms and thus responses can be non-monotonic, and 
thus synergistic, or more rarely antagonistic depending on con-
centration (e.g. [44–46]), so were conservative in only examining 
single-exposure outcomes.

To our knowledge, this is the first example of a population 
model that attempts to represent epigenetic, transgenerational 
effects of toxicant exposures. The modeling approach we took, 
using time-lagged state variables to represent the past effects of 
parental exposures on current demographic rates, has been used 
in a more limited form in past studies. The most common appli-
cation is in stage-structured models of freshwater crustaceans 
in which development time depends on environmental condi-
tions (e.g. water temperature) and thus varies through the year 
(e.g. delay differential equation models by [47, 48]). More recently, 
Amarasekare and Coutinho [49] used this approach to model the 
effects of climate warming on development times and popula-
tion dynamics of invertebrates and reptiles. Our approach is novel 
in also extending backward in time to the grandparental genera-
tion, although as we mentioned this effort quickly encounters the 
curse of dimensionality because there are so many unique possi-
ble combinations of parental and grandparental ages. That issue 
could be relaxed somewhat if one simply assumes that there is a 
constant exposure concentration across all times and ages. A com-
pletely alternative modeling approach that could be attempted is 
an individual-based model [50] that tracks every individual in a 
population, along with the specific ancestry and exposure history 
of that individual, as opposed to the distribution of individuals 
with the same history (as we did). This approach presents its own 
dimensionality and computational issues because of the large 
number of individuals one would need to track and account for, 
but is a promising approach [51].

Small oscillations in population abundance are common in 
fishes, particularly in short-lived species with temperature-
sensitive sex determination, such as the inland silverside ([22, 52, 
53]; described above in Results). Those high-frequency fluctua-
tions were apparent in our model results, but were small in com-
parison to the multiyear, multigeneration fluctuations induced by 
simulated exposure to EDCs. The model results indicate that expo-
sure to each of the EDCs of portend population decline to varying 
extents and across different timescales. We describe the specific 
results for each individual chemical in turn below.

Levonorgestrel
LV is specifically synthesized to interact with the progesterone 
receptor, as its intended purpose is to control monthly fluctua-
tions in hormone production associated with ovulation in human 
females. It is commonly detected in the treated effluent dis-
charged from secondary and tertiary wastewater treatment out-
falls [54] and is demonstrated to disrupt sexual development in 
fishes. In several fish species it acts as an androgen, causing 
the development of masculine secondary sexual characteristics 
and limiting fecundity [38, 55–57]. In silversides, it did not pro-
duce responses clearly indicative of an androgenic EDC; however, 
exposure levels were in some cases an order of magnitude lower, 
or more, than those used in comparable exposures with other 
species, thus the responses reported here to a low ng/l concen-
tration may be more indicative of those occurring in the environ-
ment. For LV, considerable negative impacts on silversides would 
not have been detected if empirical data and associated model 
predictions were not carried through the F2 generation, and thus 
the simulated acute exposure to LV produced the greatest differ-
ence in predictions between models that did versus those that did 
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not include transgenerational effects. This is particularly impor-
tant because the net effect of low LV exposure in the first gen-
eration was slightly positive and because increased deformities 
and reduced egg production were not observed until the F1 and F2 
generations. This highlights how current regulatory approaches 
that are heavily reliant on acute testing, especially those such 
as the Environmental Protection Agency (EPA) National Pollu-
tant Discharge Elimination System [58] (NPDES), which determine 
the safety of treated wastewater effluent discharged to water-
bodies in the USA, are likely missing the latent effects that low 
concentrations of endocrine-active compounds can have.

Mifenthrin
Bif, which is a commonly used insecticide and a member of the 
third most popular class of pesticides used globally (pyrethroids), 
is not designed to specifically interact with hormone receptors 
[27, 36]. However, a number of studies demonstrate that Bif can act 
as both an estrogen receptor (ER) agonist and antagonist in fishes 
and in vitro, depending upon metabolic state and concentration 
[36, 59–61]. The mechanisms involved are complex and appear 
to be dependent on metabolism to a more estrogenic metabo-
lite, 4-OH Bif, in some fish species—including silversides [59, 62]. 
This can make Bif’s mechanism of action in terms of endocrine 
disruption unpredictable and different from synthetic estrogens 
specifically designed to interact with ER, with lower concentra-
tions often eliciting a larger estrogenic response than higher. This 
is possibly because the parent compound, which can act as an 
ER antagonist [59], is competing with a metabolite that likely 
acts as an ER agonist [60, 63]. In all transgenerational scenarios 
described in the modeling simulations above, acute exposure to 
Bif caused a pronounced and immediate decline in population 
size, within just 1 year of exposure, likely due to its endocrine 
disrupting propensity [64]. This is evidenced by the apical end-
points measured by DeCourten and colleagues [6, 22], which pro-
duced the data used to parameterize these models, demonstrating 
an effect of Bif on development and sex ratios following early-
life exposure. Repeated exposures over time, which more closely 
mimic exposure scenarios in the wild, create an additive impact, 
potentially driving the population to eventual extinction. This is 
notable considering that additional studies using silversides and 
other fish species have observed similar impacts on fecundity and 
the underlying endocrine pathways involved in sexual determi-
nation empirically [23, 61, 65, 66] and that the concentrations 
used herein are regularly measured nationwide [67–69]. Given that 
other pyrethroid pesticides in addition to Bif are also known to 
cause endocrine disruption, concern is warranted over the con-
tinued use of pyrethroids for pest control, particularly for urban 
applications such as mosquito, termite, and ant abatement that 
are unregulated [36, 70, 71].

Trenbolone
TB is commonly used in livestock on feedlots and enters the 
aquatic environment through agricultural runoff. Metabolites of 
TB are frequently found in runoff and thus in waterways and sed-
iments near agricultural activity and cause toxic effects in aquatic 
vertebrate species [72, 73]. TB metabolites act as endocrine disrup-
tors and affect androgen receptor signaling and have been found 
to alter genes involved in hormone signaling and enzymes facil-
itating steroid synthesis [6, 74]. Masculinization of female fish 
exposed to TB has been documented in fishes; however, the poten-
tial effects on population stability have not been as well studied 
[75, 76]. In this study, simulated exposures to TB followed a pattern 
similar in many ways as that for LV. In the acute exposure scenario, 

all exposed simulations had an initial increase in relative popula-
tion size due to the positive effect of TB on hatching success of F0 
progeny, despite the reduced survival of F0 larvae. Chronic expo-
sure scenarios resulted in eventual extinction of the population 
caused by reduced egg production, which is consistent with the 
androgenic effect of TB in fishes. Similar to LV, current regulatory 
frameworks do not consider the potential for latent effects that 
clearly have an impact on fitness-relevant endpoints that dictate 
population persistence.

Ethinylestradiol
EE2, one of the active ingredients in the birth control pill, is one 
of the most studied pharmaceuticals in fish [77]. EE2 enters the 
aquatic environment through untreated wastewater effluent, sim-
ilar to LV [78]. EE2 is a well-studied endocrine disruptor that has 
been shown to skew sex ratios, reduce egg production, and alter 
gene expression in exposed fishes [6, 79, 80]. The results of both 
simulated acute and chronic exposure to EE2 mirrored those of 
TB (Fig. 5a and b). This reflects the similar positive effects on 
hatch success in F0 progeny (buffered by reduced survival of F1 
larvae), followed by reduced egg production in F1 females and 
higher larval mortality in the F1 generation. Our findings support 
previous studies that found deleterious population-level effects in 
fishes following in situ, mesocosm and laboratory exposures to EE2 
[3, 81, 82]. These studies suggest that fish populations can be sus-
ceptible to localized extinction following EE2 exposure. These risks 
are important to consider when building regulatory framework 
and management strategies as EE2 is detected in surface waters 
worldwide [83].

Conclusion
The end result of exposure to what may amount to hundreds of 
small, brief encounters with EDCs during the short lifespan of 
fishes such as inland silversides can only realistically be described 
by using a combination of empirical and modeling approaches, 
as we have done here. These exposures are complex and depen-
dent on life stage, weather patterns, reliant on changing land 
use, as well as the evolution of chemical usage. For commonly 
used pharmaceuticals such as LV and EE2, both common compo-
nents of treated wastewater effluent, low concentrations can elicit 
latent effects that go undetected unless multiple generations are 
assessed. This is also true of TB, used globally to accelerate growth 
in livestock, which like other synthetic hormones tested and mod-
eled in our work elicits impacts that escape the bounds of current 
regulatory toxicity frameworks, most of which only require expo-
sures that last several days. Potentially even more concerning are 
the effects triggered by the pyrethroid pesticide Bif, which is only 
regulated for agricultural use, even though much of its presence in 
aquatic ecosystems is a result of residential use and subsequent 
runoff. Bif is only one of a large class of pesticides that disrupt 
endocrine function and fitness-relevant endpoints via a variety of 
different mechanisms, and thus the effects seen following expo-
sure may be similar to those elicited by other pyrethroids, and in 
the wild are exacerbated by complex mixtures of compounds like 
these, and others, as well as climate change. While phenomena 
such as epigenetic buffering, in which epigenetic modifications 
can increase phenotypic resilience in the face of environmental 
change [84], should be taken into consideration when considering 
how DNA methylation may influence populations over ecological 
timeframes, this demonstration of the elevated risk of local extinc-
tion from exposure to environmentally detected levels of EDCs 
is alarming. Future empirical work on transgenerational inheri-
tance in fishes should take complexities such as buffering and 
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heritability into account and may need to be run across addi-
tional generations using differing exposure lengths in order to 
account for potential recovery of impacted phenotypes or epige-
netic washout [30, 84, 85]. However, at a minimum our results 
call for strengthening of regulatory frameworks and management 
strategies used globally to limit the entry of EDCs into aquatic 
ecosystems.
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